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1.  Introduction

1,3-Butadiene (BD) is an important industrial chemical used in the production of styrene-butadiene rubber (SBR), polymers, and other chemicals.  In addition to being carcinogenic to laboratory rodents (NTP, 1993; Owen et al., 1987) and associated with increased leukemia mortality in exposed workers (Cheng et al., 2007; Delzell et al., 2006; Graff et al., 2005; Macaluso et al., 2004), exposures to BD are associated with a number of noncancer endpoints in rodents including reproductive toxicity. The toxic effects of BD on mouse ovary have been identified as a particularly sensitive endpoint (chronic lowest-observed-adverse-effect-level or LOAEL = 6.25 ppm) (NTP, 1993).  In sharp contrast, female rats do not exhibit ovarian atrophy at comparatively high concentrations (chronic no-observed-adverse-effect-level or NOAEL = 8,000 ppm) (Owen et al., 1987).  The mode of action for ovarian toxicity by diepoxides has been well studied.  Species differences in the metabolic activation of BD to a reactive diepoxide (diepoxybutane or DEB), has been shown  to be the causative agent for ovarian effects, likely underlie the apparent species difference in sensitivity.  Currently, the mouse ovarian toxicity data serves as the basis for noncancer risk assessment for BD in the U.S. and other states (USEPA, 2002; Grant et al. 2010), since rats do not develop ovarian atrophy after exposure to BD, rat data are not included in the quantitative dose-response assessment for BD, despite the fact that humans are more similar to rats than mice with respect to the metabolic activation of BD (Swenberg et al., 2007).
Recently the National Academy of Science (NAS, 2009) published a number of recommendations for unifying cancer and noncancer dose-response assessment.  Recommendations included: 
· Address vulnerable subpopulations, background exposures (including for similar acting chemicals) and disease processes, within the context of the mode of action;
· Develop a conceptual dose-response model at the individual and population level, for which three were described: 
· Case #1:  Individual = low-dose linear; Population = low-dose linear with dependence on background; 
· Case #2:  Individual = low-dose nonlinear; Population = independent of background; and

· Case #3:  Individual and Population = low-dose linear

· Characterize noncancer risks (and benefits with changes in exposure), rather than hazard indices;
· Adopt an assumption of low-dose linearity as a default for cancer and noncancer endpoints; and
· Characterize of variability and uncertainty, and incorporation of probabilistic and distributional methods for chemicals that are low-dose nonlinear.

The text below provides a case study using the noncancer dose-response for BD ovarian toxicity in rodents.  The goals of this work are:
· To summarize available information regarding the MOA for BD-induced ovarian effects, and to use information on MOA to guide key decisions in the dose-response assessment with respect to identifying a dose measure, low-dose extrapolation method, and sensitive subpopulations; 

· To characterize the dose-response relationship for ovarian atrophy in rodents, simultaneously for both rats and mice across and for multiple durations of exposure;

· To account for species differences in metabolic activation of BD by using an internal dose estimate that is consistent with the proposed MOA for ovarian toxicity; and
· To consider recommendations from NAS for noncancer dose-response assessment.
The text below is organized into separate sections for mode of action (Section 2), dose-response assessment (Section 3), and discussion (Section 4).  A flowchart depicting the noncancer assessment conducted for BD is provided in Figure 1.
Figure 1.  Flowchart for BD Noncancer Assessment
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2.  Mode of Action Assessment
Metabolism is a key determinant of BD-induced ovarian toxicity.  The metabolism of BD to reactive intermediates has been well studied, and has been reviewed (Kirman et al., 2010; Albertini et al., 2003; Himmelstein et al., 1997).  The metabolism of BD is depicted in Figure 2 and summarized below, with emphasis on the metabolic steps for activation and detoxification with respect to ovarian toxicity.

· Metabolic Activation – BD is initially oxidized to the 1,2-epoxy-3-butene (EB), a reaction mediated primarily by P450 isozyme CYP2E1 although other isozymes such as CYP2A6 have also been shown to be involved.  Further oxidation of EB by P450 produces the DEB that has been shown  to be the causative agent for ovarian toxicity.  
· Detoxification - Detoxification of EB proceeds by conjugation with glutathione (GSH) (mediated by glutathione-S-transferase or GST) or by hydrolysis (mediated by epoxide hydrolase or EH), the latter producing the 1,2-dihydroxy-3-butene (BD-diol) metabolite.  Both DEB and BD-diol undergo further conversions in vivo, the former by EH hydrolysis and the latter by CYP2E1 oxidation, to produce the 1,2-dihydroxy-3,4-epoxybutane (epoxybutane diol or EBD) metabolite.  BD-diol can also be metabolized by alcohol dehydrogenase (ADH) and CYP2E1 to form hydroxymethylvinylketone (HMVK).  The epoxide metabolites of BD can be detoxified via conjugation with glutathione via glutathione-S-transferase.  
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Figure 2.  BD Metabolism

There is strong evidence that ovarian atrophy is mediated by the formation of diepoxides, such as the BD metabolite DEB (Doerr et al., 1995; 1996).  The ability to form diepoxides is necessary for the production of ovarian toxicity in rodents, as indicated by the presence of ovarian toxicity following exposure to diepoxides (DEB, vinylcylcohexane diepoxide) and diepoxide precursors (EB, BD dimer or vinylcyclohexene, vinylcyclohexene epoxide, isoprene), and the absence of ovarian toxicity in structural analogues that do not form diepoxides (ethylcyclohexene oxide, vinylcyclohexane oxide, cyclohexene oxide) (Doerr et al. 1995, 1996).  There are marked species differences in effects observed between rats, which do not exhibit BD-induced ovarian atrophy following chronic exposures as high as 8,000 ppm (Owen et al., 1987), and mice, which exhibit BD-induced ovarian atrophy following chronic exposures as low as 6.25 ppm BD (NTP, 1993).  Furthermore, EB has been shown to be toxic to mouse ovary but not to rat ovary, reflecting greater conversion of EB to DEB in mice, while DEB was reported to be toxic to the ovary of both species, albeit with a lower efficacy in rats than in mice (Doerr et al., 1996). 

Species differences in ovarian effects (mouse > rat) correlate well with species differences in the formation of DEB (mouse > rat).  In vitro studies on the Vmax and Km values for activation and detoxification pathways indicate that mice have a significantly higher ratio of EB activation to detoxification than either rats or humans (Csanady et al., 1992; Schmidt and Loeser, 1985; Krause and Elfarra, 1997; Bond et al., 1993; Kreuzer et al., 1991Seaton et al., 1995).   In the effluent of mouse livers perfused with BD, all three epoxides (EB, DEB and EBD) and B-diol were observed while in effluents from rat livers perfused with BD only EB and B-diol were found (DEB was not detected, while EBD was not quantifiable because of an interfering peak).  When the livers were perfused with EB, B-diol, EBD, and DEB were formed, with B-diol predominating in both species (Filser et al., 2001, 2010).  DEB formation was greater in mouse than in rat livers (Filser et al., 2010).  Following in vivo exposures of rats and mice to BD, differences in circulating DEB levels have been reported to be over 100-fold greater in mice (Filser et al., 2007; Thornton-Manning et al., 1995a,b).  
Quantitative differences in the in vivo production of BD metabolites are also reflected in their in vivo accumulations as hemoglobin adducts.  Recently, a DEB-specific hemoglobin adduct, N,N-(2,3-dihydroxy-1,4-butadiyl)-valine (pyrVal), has been identified and measured, providing new insights into species and exposure differences in BD metabolism (Boysen et al., 2004).  The formation of N,N-(2,3-dihydroxy-1,4-butadiyl) valine (pyr-Val) hemoglobin adducts has been studied in male and female mice and rats exposed to 1.0 ppm by inhalation for 6 hours/day for four weeks (Swenberg et al., 2007), in which adduct burdens in rats were more than 30-fold lower than the corresponding values in mice.  More recently, the formation of DEB adducts in rats and mice of both sexes was assessed following 4-week exposures to either 1, 6.25, or 62.5 ppm BD for 6 hours/day (Georgieva et al., 2010).  The difference between species was dose-dependent, with a larger difference observed at higher concentration compared to low concentrations (Figure 3).  A less pronounced difference between species was also reported by these authors following 2-week exposures to BD, primarily because in the mouse the 2-week adduct burdens were appreciably lower than observed at 4 weeks, suggesting that steady-state had not been reached.  Humans appear to form even less of the diepoxide than rats.  Swenberg et al. (2007) compared results in occupationally-exposed workers in the Czech Republic to results in mice and rats for pyr-Val (Figure 3). Pyr-Val adducts were not detected in occupationally exposed human men and women.  Female mice appear to produce more than 100-fold more pyr-Val adducts than do human females, which indicates more DEB is formed in female mice than female humans.  Pyr-Val adducts for human females were not detected (LOD = 0.3 pmol/g Hb). 
Figure 3.  Pyr-Val Adduct Efficiencies in Rats and Mice as a Function of BD Exposure Concentrations (ppm 6 hours/day, 5 days/week for 4 weeks; Georgieva et al., 2010) Compared To Human Data (Swenberg et al., 2007)
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At the 2007 and 2008 Society of Toxicology meetings, Georgieva et al. (2007; 2008) presented results measuring pyr-Val adducts in the Czech Republic workers. Pyr-Val adducts were detected at low concentrations in Czech Republic workers. There was not a clear dose-response relationship between pyr-Val adducts and BD concentrations from the Georgieva et al. (2007) study using a LS-MS/MS analytical method with a limit of detection (LOD) and limit of quantitation (LOQ) of 5 and 10 fmol/g Hb, respectively, and it was hypothesized that the pyr-Val adducts may have been formed from other unknown sources.  However, the Georgieva et al. study (2008) using a more sensitive nano-LC-MS/MS method with a LOD and LOQ of 1 and 4 fmol, respectively, showed the amount of pyr-Val was significantly higher in the higher-exposed polymerization workers than in the monomer workers and controls.  
Based upon a review of the available information, there is sufficient information to establish a MOA for the ovarian effects of BD in rodents.  The detection of low levels pyr-Val in humans, and reports of ovotoxicity in nonhuman primates exposed to a structurally similar diepoxide (vinylcyclohexene diepoxide; Appt et al., 2006), suggests that qualitatively the endpoint of rodent ovarian toxicity is relevant to human health.  However, there are clear quantitative differences across species with respect to dosimetry that need to be addressed in using these data for human health risk assessment.  A summary of the key steps in the proposed MOA for ovarian toxicity, along with potential implications to human health risk assessment is provided in Table 1.

Table 1.  Key Events in the MOA for BD in Rodent Ovarian Atrophy

	Event
	Description
	Evidence in Animals
	Evidence in Humans
	Potential Sources of Nonlinearity
	Species Differences


	Potential Sensitive Subpopulations

	1
	Exposure to BD
	Controlled exposures under laboratory conditions
	Uncontrolled exposures in occupational and environmental settings
	None identified
	Humans generally exposed to concentrations orders of magnitude lower than tested in laboratory rodents
	Not applicable

	2
	Distribution of BD to tissues responsible for metabolism (liver)
	BD has been measured in laboratory animal tissues in vivo
	Distribution of BD  is assumed
	None identified
	None identified
	None identified

	3
	Metabolism of BD to DEB
	DEB detected in animal tissues in vivo, in situ, and in vitro; pyr-Val adducts detected in rats and mice
	Low levels of pyr-Val adducts reported in exposed human populations
	Saturation of metabolism; metabolic inhibition
	Dramatic species differences observed in circulating DEB levels based on pyr-Val levels: mice > rat > human.  Species differences are also supported by in vitro studies using mice, rats, and human tissues; and in liver perfusion studies in mice and rats
	Individuals with a high rate of epoxidation coupled with low rates for epoxide hydrolysis and/or conjugation with GSH

	4
	Distribution of DEB to ovary
	Distribution of DEB is inferred based upon observations of ovarian toxicity in mice
	Distribution of DEB is assumed
	None identified
	None identified
	None identified

	5
	Destruction of primary and primordial ovarian follicles via apoptosis
	Observed in mice exposed to DEB and DEB precursors (BD, EB) and in rats exposed to DEB but not DEB precursors (BD, EB)
	Toxicity of DEB to human ovarian follicles assumed, and supported by evidence in nonhuman primates for a structurally similar diepoxide (vinylcyclohexene diepoxide)
	Threshold for toxicity
	Rats appear to be less sensitive than mice to the ovotoxic effects of DEB 
	Individuals born with low follicle counts, or acquiring low follicle counts due to surgery (ovariectomy) or medication (chemotherapy)

	6
	Premature ovarian failure
	Observed in mice exposed to BD, but not in rats
	Assumed to occur in humans if sufficient concentrations of DEB are produced 
	None identified
	
	


An evaluation of the proposed MOA for BD using the modified Hill criteria is provided in Table 2.

Table 2.  Evaluation of the Proposed MOA for BD

	Modified Hill Criteria
	Weight-of-Evidence Supporting Mode of Action in Animals

	Concordance of Dose-Response Relationship
	The relative potencies of BD and it's mono- and di-epoxide metabolites in producing ovarian toxicity in mice (DEB>EB>BD) and rats (only observed with DEB administration) provides excellent dose-response concordance for delivery of the active agent (DEB) to the ovary (Doerr et al., 1996).

	Temporal Association
	Follicle cell depletion has been observed in mice following short-term exposures (30-day) to BD, EB, and DEB, and in rats following short-term exposures to DEB (Doerr et al., 1996), well before the observations for ovarian effects in mice made at 13 weeks through 2 years (NTP, 1984, 1993; Bevan et al., 1996).

	Strength, Consistency, Specificity of Association
	Ovarian toxicity is consistently observed in mice exposed to BD (Doerr et al., 1996; NTP, 1984, 1993; Bevan et al., 1996), and consistently absent in rats exposed to BD (Doerr et al., 1996; Owen et al., 1987; Bevan et al., 1996).  The proposed mode of action is consistent with observed species differences in the metabolic activation of BD to a diepoxide intermediate (mouse>rat; Filser et al., 2001, 2007, 2010; Thornton-Manning et al., 1995a,b) and sensitivity to ovarian effects (mouse>rat; Doerr et al., 1996; NTP, 1984, 1993; Bevan et al., 1996; Owen et al., 1987).

	Biological Coherence, Plausibility
	The proposed mode of action for BD is identical to that identified for a structurally similar chemical (4-vinylcyclohexene, or BD-dimer), which also produces ovarian effects through the formation of a diepoxide metabolite.  The formation of a diepoxide has been demonstrated to be a necessary step in the mode of action (Doerr et al., 1995, 1996).


Based upon this evaluation, the key questions identified for the MOA (Boobis et al., 2008) are addressed as follows: 

· Is the weight of evidence sufficient to establish a mode of action in animals? 

Yes:  The mode of action for ovarian toxicity in animals exposed to BD, through  the formation of a diepoxide metabolite (DEB), is well supported by available literature (Table 2).

· Can human relevance of the MOA be reasonably excluded on the basis of fundamental, qualitative differences in key events between experimental animals and humans?

No:  Ovarian toxicity is observed when rats are administered DEB, and when rats or nonhuman primates are administered the diepoxide of vinyl cyclohexene (VCH; butadiene dimer).  Therefore, the ovarian effects are qualitatively assumed to be relevant to all mammalian species, including humans.
· Can human relevance of the MOA be reasonably excluded on the basis of quantitative differences in either kinetic or dynamic factors between experimental animals and humans? 
No: There are clear quantitative differences between mice, rats, and humans with respect to circulating levels of DEB following BD exposure (Figure 3), which need to be considered in BD risk assessment.  Although it is possible that humans are not capable of producing levels of DEB that are sufficient to produce ovarian toxicity (i.e., above a threshold), this has not been proven.  Therefore, it is assumed that after accounting for species differences in the metabolic activation of BD, the ovarian effects observed in laboratory animals remain relevant to human health.
3.
Dose-Response Assessment
Traditionally, for chemicals with a nonlinear or threshold MOA, default uncertainty factors of three or ten each have been used to account for: (1) the variation in sensitivity among the members of the human population (i.e., interspecies variability or UFh); (2) the uncertainty in extrapolating animal data to humans (i.e., interspecies uncertainty or UFa); (3) the uncertainty in extrapolating from data obtained in a study with less-than-lifetime exposure to lifetime exposure (i.e., extrapolating from subchronic to chronic exposure or UFs); (4) the uncertainty in extrapolating from a LOAEL rather than from a NOAEL (UFl); and (5) the uncertainty associated with extrapolation when the database is incomplete (UFd) (USEPA, 1994, 2002).  These factors are typically applied to a human equivalent value for the point of departure (POD) as indicated in the equation below:
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Where,


RfC

=
inhalation reference concentration (in terms of ppm continuous exposure);


POD

=
Human equivalent concentration for point of departure, which when benchmark dose methods are used is typically the 95% lower confidence limit on the benchmark concentration (BMCL in terms of ppm continuous exposure) for a specified response rate (e.g., 10%, 1%);


UFnet

=
Net uncertainty factor (UFa*UFh*UFl*UFs*UFd). 

Under the distributional analysis described by NAS (2009) uncertainty factors in the equation above are replaced by lognormally-distributed adjustment factors.
A dose-response assessment for BD-induced ovarian atrophy was conducted using the following steps.
1. Data Set Selection
2. Dose and Response Measure Determination
3. Consideration of Individual Variation
4. Dose-Response Modeling
5. Point of Departure (POD) Selection 
6. Conceptual Dose-Response Model for Individual and Population
7. Reference Concentration Calculation
8. Low-Dose Risk Estimation
Details for each step in the assessment conducted for BD is discussed below.

Step 1:  Data Set Selection

The toxicity data for BD have been recently reviewed, and the ovarian effects of BD have been identified as an appropriate basis for noncancer risk assessment (Grant et al., 2010; USEPA, 2002).  Dose-response data sets for characterizing BD exposure via inhalation and ovarian atrophy in rodents is provided in Table 2.  Dose groups for which incidence of ovarian atrophy either dropped (non-monotonic) or leveled off (e.g., when maximal response was achieved in a lower dose group) were excluded since these data describe a portion of the dose-response curve that is not of interest for risk assessment purposes, and their inclusion would otherwise complicate the dose-response modeling effort without discernable benefit.  The combined dose-response data set includes observations in 865 rodents, spanning 5 exposure durations (13-105 weeks) and 8 non-zero exposure levels.  By combining the rat and mouse data, it is assumed in this meta-analysis that incidence data for both species fall on the same dose-response curve, once an appropriate (i.e., causal) dose-measure has been identified.  Although ovarian atrophy has not been reported in rats exposed to BD (Owen et al., 1987; Bevan et al., 1996), ovarian toxicity is clearly observed when rats are directly injected with DEB for 30 days (Doerr et al., 1996), and, therefore, rats are considered to be a responsive species for this endpoint.  The absence of an observable response for ovarian atrophy with BD exposure is primarily attributed to a toxicokinetic difference between the species resulting in a much lower delivery of DEB to the target tissue of rats when compared to mice.  As such, the rat data are expected to be useful for characterizing the low-dose region of the dose-response relationship.  
Table 3.   Dose-Response Data for Ovarian Atrophy in Female Mice and Rats following Lifetime Exposures to BD
	Species
	Exposure Duration (6 hours/day, 5 days/week)
	Concentration (ppm)
	Estimated Pyr-Val Adduct Burden (pmol/g globin)*
	Estimated DEB Blood Concentration (nmol/L)**
	Ovarian Atrophy
	Reference

	Mouse
	104 weeks***
	0
	0
	0
	4/49
	NTP (1993)

	
	
	6.25
	255
	11
	19/49
	

	
	
	20
	655
	29
	32/48
	

	
	
	62.5
	1650
	73
	42/50
	

	
	
	200
	4230
	186
	43/50
	

	
	
	625
	10700
	471
	69/79
	

	
	65 weeks***
	0
	0
	0
	0/10
	

	
	
	6.25
	255
	11
	0/10
	

	
	
	20
	655
	29
	1/10
	

	
	
	62.5
	1650
	73
	9/10
	

	
	
	200
	4230
	186
	7/10
	

	
	
	625
	10700
	471
	2/2
	

	
	40 weeks***
	0
	0
	0
	0/10
	

	
	
	6.25
	255
	11
	0/10
	

	
	
	20
	655
	29
	0/10
	

	
	
	62.5
	1650
	73
	0/10
	

	
	
	200
	4230
	186
	9/10
	

	
	
	625
	10700
	471
	8/8
	

	
	61 weeks
	0
	0
	0
	2/49
	NTP (1984)

	
	
	625
	10700
	471
	40/45
	

	
	
	1,250
	18700
	823
	40/48
	

	
	13 weeks
	0
	0
	0
	0/10
	Bevan et al. (1996)

	
	
	1,000
	15600
	686
	6/10
	

	Rat
	105 weeks
	0
	0
	0
	0/110
	Owen et al. (1987)

	
	
	1,000
	120
	2.9
	0/110
	

	
	
	8,000
	334
	8.1
	0/110
	

	
	13 weeks
	0
	0
	0
	0/10
	Bevan et al. (1996)

	
	
	1,000
	120
	2.9
	0/10
	


*To account for TK differences between rats and mice, exposures were normalized to an internal dose using pyr-Val hemoglobin adducts as a biomarker for DEB.  A power function fit to the data of Georgieva et al. (2010) was used to determine the relationship between pyr-Val/ppm BD as a decreasing function of BD concentration in air (Figure 3) in both species, which was extrapolated/interpolated to estimate adduct burden at each test concentration. 

**DEB concentration blood estimated from pyr-Val burdens, DEB reaction rates, and erythrocyte lifespans in rats and mice (see text).

***Because individual animal data were available for this study, individual times of observation for ovarian atrophy were used in time-to-response modeling.

Shaded data were not used in dose-response modeling, since near maximal response was achieved in a lower dose group.

Step 2:  Dose and Response Measure Determination
Although several PBPK models are available for BD (Johansen and Filser, 1996; Csanady et al., 1996; Kohn and Melnick, 2001; Sweeney et al., 2001; Brochot et al., 2007), limitations in their ability to predict internal doses for the key active agent (DEB) preclude their application to risk assessment at this point in time.  However, recently published data on internal biomarkers (hemoglobin adducts) for the key active agent were identified and used to estimate internal doses for rats and mice to account for toxicokinetic differences between species.  Internal dose estimates for rats and mice were estimated using two steps, as described below:

· Estimate Pyr-Val Adduct Burden - Internal dose measures were estimated based upon data for pyr-Val adduct efficiency, which varies as a function of species (mice>rats) and BD concentration (low concentrations>high concentrations) (Georgieva et al., 2010; Figure 3).  Nonlinear toxicokinetics (saturable metabolism, enzyme inhibition) likely underly the dose-dependency observed for pyr-Val adduct efficiencies.  For the combined dose-response data set, the pyr-Val adduct burdens ranged from 255-10,700 in the mouse and from 120-334 in the rat (Table 3).    

· Estimate Blood DEB Concentrations - Estimated pyr-Val adduct burdens were used to calculate blood concentrations for DEB in rats and mice using the following equation (Bergmark et al., 1993):


DEBBL = AB/(KVal*TER/2*CF)
Where, 

DEBBL

= 
Estimated concentration of DEB in blood (nmol/L);
AB 

= 
pyr-Val adduct burden (expressed in terms of 
pmol/g globin, rat equivalent dose from Table 3);

KVal

= 
Rate constant for reaction of DEB with terminal 
valine of hemoglobin (0.000047 L/g*hr for mice; 0.000055 L/g*hr for rats; Fred et al. 2004); 
TER

=
Erythrocyte lifespan (40.3 days for mice; 62.4 days 

for rats; Horky et al. 1978, Derelanko, 1987); and
CF

=
Conversion factor (24 hours/day; nmol/1000 pmol).

Resulting DEB blood concentrations estimates range from 11-823 nmol/L in mice and from 2.9-8.1 nmol/L in rats (Table 3).
With respect to response measure, all dose-response modeling was conducted in terms of extra risk for ovarian atrophy.  To account for differences between rats and mice with respect to the background rate of ovarian atrophy at lifetime exposure durations (mouse>rat; Table 3), incidence values for ovarian atrophy were converted to extra risk prior to combining rat and mouse data for dose-response modeling purposes:

Extra Risk = [incidence-background rate]/[1-background rate]  
Step 3:  Consideration of Individual Variation

Based upon the proposed MOA summarized in Section 2, potentially human variation is discussed below with respect to toxicokinetic and toxicodynamic factors.

· Variation Due to Toxicokinetic Factors - Human genetic polymorphisms may affect individual susceptibility to BD and its metabolites. In vitro studies and in vivo molecular epidemiological studies indicate the range of increased sensitivity due to human genetic polymorphisms is approximately 2 to 3.5-fold in humans (i.e., a “worst-case” scenario”) (Hayes et al., 1996; 2000; 2001; Zhao et al., 2000; 2001; Albertini et al., 2001; 2003; Begemann et al., 2001; Smith et al., 2001; Fustinoni et al., 2002) as reviewed by Albertini (2007). Several genes appear to be important in the BD metabolic pathway.  Inherent susceptibilities were shown for both EB and DEB (Weincke and Kelsey, 1993), which may be due to glutathione S-transferase theta (GSTT1) status. Further, glutathione S-transferase GSTM1 appears to be an important detoxifying factor for EB, so that GSTM1 null individuals would be expected to display greater effects following formation of EB. Genetic polymorphisms have also been identified for EH and CYP2E1 that would be expected to affect susceptibility to BD and its metabolites. The role of these proteins in the toxicokinetics of numerous chemicals is reasonably well known. Three in vitro studies (Csanady et al., 1992; Duescher and Elfarra, 1994; Seaton et al., 1995) using rodent and human tissue samples demonstrated that CYP2E1 plays a role in the oxidation of both BD and EB.  Polymorphisms that reduce EH activity may increase susceptibility to BD-induced effects. Similarly, individuals who are rapid CYP2E1 metabolizers may potentially be at greater risk.  Conjugation with GSH is an important detoxification route.  Himmelstein et al. (1997) indicated that GSH depletion occurs at longer exposure durations or at higher concentrations leading to higher body burdens of EB and DEB.

· Variation Due to Toxicodynamic Factors – Based upon the proposed MOA above, ovarian follicles are identified as the ultimate target for BD-induced ovarian toxicity.  Because women are born with a finite number of ovarian follicles, an understanding of follicle reserves, their variation across individuals, and their change with age is an important consideration in any human health risk assessment based on ovotoxicity, and are precisely the type of data for underlying processes for which NAS (2009) recommends to include.  These underlying factors were recently characterized by Wallace and Kelsey (2010), who developed a model that describes ovarian follicle reserve variation and change with age in women (Figure 4).  Based upon the Wallace-Kelsey model, a woman born with an average number of follicles (~295,000) is predicted to reach menopause (defines as less than 1,000 follicles) at the age of 49.6 years (depicted as the red line in Figure 4).  Similarly, a woman born with a number of follicles corresponding to the 2.5th percentile (~34,800 or 8.5-fold fewer than average) would reach menopause at an age of 38.7 years of age (depicted as the green line in Figure 4).  Lastly, a woman born with a number of follicles corresponding to the 97.5th percentile (~2,508,000 or 8.5-fold more than average) would reach menopause at an age of 60.0 years (depicted as the gold line in Figure 4).  Under an assumption that the number of follicles at birth reflects human susceptibility to depletion of follicle reserves (premature menopause) by diepoxides such as DEB, the range of susceptibility for 95% of the human population spans a range from approximately 8.5-fold lower and 8.5-fold higher than average.  Inherent to this assumption is that cumulative DEB exposures produce a set rate of follicle loss, and that toxicodynamic variation in humans for the onset of menopause is reflected by the underlying variation in the starting number of follicles.  The assumption that the follicle count at the start of exposure reflects underlying sensitivity to ovarian atrophy/early menopause is supported by observations made for a structurally similar diepoxide (vinylcyclohexene diepoxide) in which both peripubertal and mature rats exhibited similar rates of follicle loss, but only mature rats approached depletion following diepoxide exposure because their counts were lower at the start of the exposure period (Mohammed et al., 2009).
Figure 4.  Ovarian Follicle Reserves in Women as a function of Age (from Wallace and Kelsey, 2010) 
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Step 4:  Dose-Response Modeling

A multistage-Weibull (MSW) time-to-response model, recently released by USEPA (2010), was simultaneously applied to the data sets identified in Step 1.  One of the advantages of using a time-to-response model such as the MSW is that it provides flexibility in predicting results that correspond to specific exposure durations of interest.  For the BD assessment, the exposure duration of interest is set equal to the window of susceptibility for ovotoxicity, which is defined here as the time period from birth until menopause (i.e., when follicle counts fall below 1,000, Figure 4).  However, the assessment for BD is complicated by the fact that the window of susceptibility under the proposed MOA is dependent upon the number of follicles present at birth.  For this reason, the MSW model was run for three scenarios, which correspond to the red, green, and gold lines of the Wallace-Kelsey model in Figure 4: (1) An individual with an average number of ovarian follicles at birth (duration = 49.6 years, corresponding to 68.8 weeks in rodents); (2) An individual with a low number of follicles at birth (duration = 38.7 years corresponding to 53.7 weeks in rodents); and (3) An individual with a high number of follicles at birth (duration = 60.0 years, corresponding to 83.2 weeks in rodents).  The model parameter t0 in the MSW model was set to zero, since the critical endpoint is consider incidental (i.e., not lethal).  A 2nd order (i.e., 2-stage) MSW model provided an adequate description of the behavior for the combined dose response data set (AIC=453; loglikelihood=-223), with a tendency to overestimate response at low doses and underestimate response at the high doses (Figure 5).  A higher order MSW model was not used since the quadratic term of the 2nd order model was not used when optimized.  
Figure 5.  Multistage-Weibull (MSW) Model Fit to Dose-Response Data for Ovarian Atrophy in Rats and Mice Following Exposure to BD
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“X” indicate dose-response data; Solid lines reflect MSW model predictions; Different colors reflect different dose groups.
Step 5:  Point of Departure (POD) Selection

An appropriate benchmark response rate (BMR) point of departure was selected based upon a consideration of the range of observation defined by the data sets.  The duration of exposure used to estimate the point of departure was defined based upon range identified for the window of susceptibility in humans based upon published information.  Because of difficulties in quantifying the biomarker for exposure in human populations (adduct levels below the limit of detection), a decision was made to assume that humans are equivalent to rats on an external concentration basis. This is a conservative, health-protective decision since humans produce lower levels of DEB than rats. 

POD predictions (BMC10, BMC01 and their 95% lower confidence limits, BMCL10, BMCL01) by the MSW model expressed in terms of internal dose of DEB (nmol/L) are presented in Table 4.  Because the range of observation defined by the combined data set includes doses ranging from 2.9-686 nmol/L DEB, the BMC01 (ranging from 0.75-1.4) and BMCL01 (ranging from 0.67-1.3 nmol/L) were considered an appropriate PODs (i.e., lie just to the left of the range of observation).  Although the BMCL01 is lower than the default POD (BMCL10), the two lowest dose groups of the chronic data set examined 110 animals per group, and therefore are sufficient to detect a 1% increase in incidence.  In addition, use of the BMCL01 instead of the BMCL10 to derive the RfC value for BD may be viewed as health protective.  
Table 4.  MSW Model Predictions of the Points of Departure (PODs) for Ovarian Atrophy Risk

	
	
	POD, DEB Concentration in Blood (nmol/L)
	POD, Human Equivalent Concentration* (ppm, continuous exposure)

	Scenario
	Window of Susceptibility (duration  in years)
	BMC10 

(90% CI)
	BMC01 

(90% CI)
	BMC10

(90% CI)
	BMC01

(90% CI)

	Average Follicle Count at Birth
	49.6
	10

(9-12)
	1.0

(0.88-1.1)
	3,000

(2,400-3,900)
	23

(17-29)

	Low Follicle Count at Birth
	38.7
	15

(14-17)
	1.4

(1.3-1.6)
	6,700

(5,400-8,400)
	47

(39-59)

	High Follicle Count at Birth
	60
	7.8

(6.8-8.8)
	0.75

(0.67-0.83)
	1,700

(1,300-2,200)
	12

(10-15)


*Human equivalent concentrations were assumed to be equal to the rat external concentration (ppm, 6 hours/day, 5 day/week) that were estimated for each internal dose estimate.  Human equivalent concentrations for continuous exposure were assumed to be equivalent to the rat external concentration multiplied by factors of (6/24) and (5/7) to convert to 24-hour continuous exposure.
Human equivalent concentrations for the POD values were calculated based on the assumption that humans are equivalent to rats with respect DEB reaction rate and pyr-Val adduct efficiency.  Limited human data suggest that their adduct burdens would be lower than corresponding values in rats by more than an order of magnitude (Figure 2), and therefore this assumption is health protective.  Rat external BD concentrations (in terms of ppm, 6 hours/day, 5 days/week) were calculated for the internal dose POD values by reversing the two conversions (ppm to pyr-Val; pyr-Val to DEB) described in Step 2.  Human equivalent concentrations applicable for the general population (HEC, in terms of ppm BD, 24-hour continuous exposure) were calculated from the rat external BD concentrations, adjusting for discontinous exposure (multiplying by factors of 6/24 and 5/7) (Table 4).  HEC values for the BMCL01 ranged from 16 to 93 ppm BD.
Step 6:  Conceptual Model Selection

At the individual level, a conceptual dose-response model that includes a threshold is supported by low-dose rodent dose-response data for which ovarian atrophy was not observed (Table 3; Figure 5): (1) 0/110 rats exposed to 1,000 and 8,000 ppm BD for 105 weeks (Owen et al., 1987); (2) 0/10 mice exposed to 6.25 ppm BD for 15 months (NTP, 1993); (3) 0/10 mice exposed to 6.25, 20, or 62.5 ppm BD for 9 months (NTP, 1993); and (4) 0/10 rats exposed to 1,000 ppm for 13 weeks (Bevan et al., 1996).

At the population, a conceptual dose-response model was developed for BD based upon a comparison of the range of individual dose-response curves developed in Step 4 with the range of human exposures associated with background levels of BD in air.  Mean concentrations for BD in outdoor and indoor air are summarized in (Table 5).  Mobile sources of emissions (on-road and off-road vehicles) were identified as the primary source of ambient BD levels in outdoor air (USEPA, 2002), and cigarette smoking and woodburning stove can contribute to higher levels of BD in indoor air (Kim, 2001; Gustafson et al., 2007).  Based upon modeling of mobile sources, USEPA estimated that ambient exposures to BD from mobile sources are decreasing, with values in years 2007 and 2020 that are three to four times lower than those estimated for 1990 (USEPA, 1999). 
Table 5.  Summary of Air Monitoring Data for BD

	Outdoor/Indoor
	Location
	Mean Air Concentration (ppm)
	Reference

	Outdoor
	Urban air (10 highest monitoring stations in Texas)
	0.00028-0.0032
	Grant et al. (2007)

	
	Urban air (New York, Los Angeles)
	0.0000045-0.00009
	Sax et al. (2004)

	
	Urban air (Houston)
	0.00059
	Reiss (2006)

	
	Rural & urban air (Canada)
	0.000009-0.0001
	Curren (2006)

	
	Rural air (US)
	0.000059
	USEPA (2002)

	Indoor
	New York, Los Angeles
	0.00009-0.00054
	Sax et al. (2004)

	
	Residential Background (Canada)
	0.00023
	Graham (2004)

	
	Smoking and nonsmoking homes, restaurants, pubs (UK)
	0.00009-0.0014
	Kim (2001)

	
	Restaurants (Finland)
	0.00045-0.0018
	Vainiotalo (2008)

	
	Woodburning and nonwoodburning homes (Sweden)
	0.00005-0.00017
	Gustafson et al. (2007)


MSW predictions for the three human scenarios (sensitive, average, and resistant individuals) were compared to background exposures to BD (Figure 6).  The predicted dose-response curve assuming a low follicle count at birth was shifted by factors of 3 and 8.5 to the left to reflect a sensitive individual due to variation in toxicokinetic and toxicodynamic factors, respectively (see discussion above).  Similarly, the predicted dose-response curve assuming high follicle count at birth was shifted by factors of 3 and 8.5 to the right to reflect a resistant individual.  The predicted dose-response curve assuming an average sensitivity, due to toxicokinetic factors and follicle count at birth, remains unchanged.  Background levels of BD in air are more than four orders of magnitude below the dose-response curve predicted for sensitive individuals (green curve depicted in Figure 6).  Based upon the large degree of separation between background exposures and the predicted dose-response curve in humans, the conceptual dose-response model for BD-induced ovarian atrophy is concluded to be threshold for the individual and independent of background for the population [i.e., Case #2 from NAS (2009)].  
Figure 6.  Characterization of Range of Individual Variation in the Dose-Response Relationship for BD-Induced Ovarian Atrophy.   


Red Line = MSW prediction for average follicle count at birth (49.6 years exposed); Green Line = MSW prediction for low follicle count at birth (38.3 years exposed), shifted to the left by a factor 25.5 (8.5×3) to reflect sensitive individuals; Gold Line = MSW prediction for high follicle count at birth (60.0 years exposed), shifted to the right by a factor of 25.5 (8.5×3) to reflect resistant individuals);  Dashed lines indicate 95% confidence intervals predicted by the MSW model for each scenario.
Step 7:  RfC Calculation

RfC values were calculated for BD by dividing the POD values by appropriate uncertainty factors, as defined below:
· Interspecies Variation (UFa) – Because an internal dose measure was used to account for toxicokinetic differences between species, the toxicokinetic component of UFa, was not needed.  A default value of 3 was adopted for the toxicodynamic component of UFa.

· Intraspecies Variation (UFh) – Because the dose-response curves from the MSW model have already been shifted to account for toxicodynamic variation (8.5-fold) and toxicokinetic variation (3-fold) (see green and yellow curves in Figure 6), an additional factor for human variation is not required here.

· LOAEL-TO-NOAEL Extrapolation (UFl) – Because benchmark dose modeling was used in this assessment, and because a BMR value that is lower than the default (1% vs. 10% response) was adopted, a UFl value is not required.  

· Subchronic-to-Chronic Extrapolation (UFs) – Because the combined data set includes exposure durations from 13 weeks (subchronic) to 105 weeks (rodent expected lifetime), and because a time-to-response model (MSW) was used to estimate the exposure durations of interest in human populations (38.7, 49.6, and 60.0 years), a value of 1 was considered appropriate for UFs.
· Database Deficiencies (UFd) – A factor of 3 was adopted for UFd to reflect the lack of a multigeneration study, a developmental neurotoxicity study, and dose data for follicle depletion (i.e., precursor step to ovarian atrophy) following long-term exposure to BD.

Accordingly, a net uncertainty factor of 10 (3×1×1×1×3) was applied to the POD values, yielding RfC values (rounded to one significant figure) of 0.2 ppm for sensitive individuals, 2 ppm for average individuals, and 20 ppm for resistant individuals (Table 6).  In addition to the net UF of 10, the RfC value of 0.2 ppm for  potentially sensitive humans also includes a shift in the dose-response curve by a factor of 25.5 (3 for toxicokinetic variation × 8.5 for toxicodynamic variation), yielding a effective adjustment of 255 (10×25.5).
Table 6.  Derivation of RfC Values for BD Based Ovarian Atrophy in Rodents

	
	
	
	Uncertainty Factors
	

	Scenario
	Window of Susceptibility (duration in years)*
	Point of Departure (BMCL01, ppm continuous exposure)
	UFa
	UFh 
	UFs
	UFl
	UFd
	UFnet
	Reference Concentration (ppm continuous exposure)

	Average Follicle Count at Birth
	49.6
	17
	3
	1
	1
	1
	3
	10
	2

	Low Follicle Count at Birth/TK Sensitivity**
	38.7
	1.5
	
	
	
	
	
	
	0.2

	High Follicle Count Birth/TK Resistance***
	60.0
	240
	
	
	
	
	
	
	20


*Defined as the time from birth until a follicle count of less than 1,000 is normally reached (see Figure 4).

**Dose-response curve predicted by the MSW model shifted to the left by a factor of 25.5 (8.5*3) to reflect a sensitive individual due to toxicokinetic and toxicodynamic variation (Figure 6).

***Dose-response curve predicted by the MSW model shifted to the right by a factor of 25.5 (8.5*3) to reflect a resistant individual due to toxicokinetic and toxicodynamic variation (Figure 6).
Step 8:  Low-Dose Risk Estimation

Based upon the conceptual dose-response model developed for BD above, risk estimates for human exposures corresponding to the RfC values derived for BD were determined using two alternative assumptions for the shape of the low dose curve below the POD (Table 6):

1. Threshold Assumption – Assuming that human exposures corresponding to the RfC values (0.2-20 ppm) fall below the threshold for toxicity for all individuals, the predicted risk in the population would be zero.  This assumption is consistent with the low-dose rodent data for which ovarian atrophy was not observed (listed above), which supports the presence of a threshold.

2. Distributional Assumption – Assuming that the potential risks from human exposures below the BMC01 value of 17 ppm (predicted for the average sensitivity scenario) are lognormally distributed, the predict risk in the population would be low, but non-zero.  Lognormal variation for toxicodynamic factors  (σlogTD) was estimated using Wallace-Kelsey model (Wallace and Kelsey, 2010):  σlogTD = log(8.5)/1.96 = 0.47.  Lognormal variation for human TK variation (σlogTK) was estimated assuming that 3-fold range to account for genetic polymorphisms reflects a worst-case upper bound estimate (Hayes et al., 1996; 2000; 2001; Zhao et al., 2000; 2001; Albertini et al., 2001; 2003; Begemann et al., 2001; Smith et al., 2001; Fustinoni et al., 2002):  σlogTK = log(3)/1.96 (where 95% of a normal distribution falls within 1.96 standard deviations from the mean) = 0.24.  No other factors (duration, interspecies variation, database deficiency) were considered in this distributional analysis.  Combining the human toxicokinetic and toxicodynamic factors:  σlogTK/TD = (0.472 + 0.242)0.5 = 0.53.  Assuming a lognormal distribution below a 1% response level with a σlogTK/TD of 0.53, the predicted risks for human populations exposed to 0.2-20 ppm BD range from approximately 1x10-13 to 1x10-4 (Table 7).  The potential risks associated with ambient concentrations of BD in air are many orders of magnitude below 1x10-13.  Given the de minimis nature of these predicted risks, an assessment (e.g., Monte Carlo) of the uncertainty and variation in the risk estimates was not conducted.  This low-dose assumption considers the possibility that negative rodent dose groups listed above lack sufficient statistical power to detect low-dose risks predicted from higher doses.
The assumptions of the latter assumption (log-normal distribution) have been questioned by Crump et al., (2010).  For this reason, emphasis is placed upon the risk prediction of the former assumption (threshold).  
Table 7.   Low-Dose Risk Estimates for Exposures Corresponding to RfC Values of 0.2-20 ppm BD

	Exposure Equivalent to RfC Value (ppm)
	Low-Dose Assumption Below the POD (BMC01=120 ppm)

	
	Threshold*
	Distributional**

	0.2
	0
	1x10-13

	2
	0
	2x10-8

	20
	0
	1x10-4


*Risk estimate assuming that exposures fall below the threshold for toxicity for all individuals in the population.
**Incidence for human exposures below the POD is assumed to be lognormally distributed.  
4.  Discussion
A meta-analysis study was conducted for BD based upon the ovarian atrophy effects in rodents, resulting in a range of RfC values (0.2-20 ppm).  This RfC range is several orders of magnitude higher than ambient background exposures in the U.S.  In deriving the RfC values, dose-response data from rats and mice were normalized using an internal dose estimate (DEB in blood) that is causally related to ovarian toxicity via the proposed MOA.  A time-to-response (MSW) model was used to simultaneously fit multiple rodent data sets with durations of exposure ranging from 13 to 105 weeks.  Consistent with NAS (2009) recommendations, variation and age-related changes with respect to underlying biological processes in the human population (menopause), as well as consideration of background exposures, were incorporated into the assessment.  Estimates of risk for human exposures corresponding to the RfC range were either zero (assuming a threshold is present at the individual and population level) or de minimis (assuming risks are lognormally distributed below the POD).  
The RfC values derived here (0.2-20 ppm) are considerably higher than derived by USEPA for the same endpoint (0.0009 ppm).  The difference in resulting RfC values is attributed to a number of methodological differences, which are summarized in Table 8. 
Table 8.  Comparison Between the This Case Study and EPA IRIS Noncancer Assessments for BD

	Dose-Response Step
	EPA IRIS Assessment Decision
	ARA Assessment Decision
	Comment

	Endpoint
	Ovarian Atrophy
	Ovarian Atrophy
	--

	Data Set
	2-year mouse study (NTP, 1993)
	Pooled data set with in mice and rat with exposures from 13 weeks to 2 years (NTP, 1993; NTP, 1984; Owen et al., 1987; Bevan et al., 1996)
	Use of pooled data across two species increases the confidence in extrapolating toxicity information across species and application to humans.

	Dose Measure
	External Concentration (mouse-human ppm equivalence assumed)
	Steady-state DEB concentrations in blood estimated from DEB-specific hemoglobin adduct, pyr-Val (rat-human equivalence assumed for pyr-Val formation)
	There is sufficient evidence to move away from default assumption (mouse-human ppm equivalence) based upon clear species differences in the metabolism/metabolic activation of BD.  The assumption that humans are equivalent to rats for pyr-val formation is conservative.  Use of a dose-measure that is causally associated with the mode of action increases confidence in the dose-response characterization,and reduces uncertainty associated with interspecies extrapolation.

	Response Measure
	Extra Risk
	Extra Risk
	--

	Dose-Response Model
	Weibull Time-To-Response
	Weibull Time-To-Response
	--

	Point of Departure
	BMCL10 = 0.88 ppm
	BMCL01 = 17 ppm (10-30 ppm)
	Use of a pooled data set increases our understanding of the dose-relationship in the range of observation, allowing for selection of a lower point of departure than supported by the chronic mouse study alone.

	UFh
	10
	Dose-response curve shifted by a factor of 25.5 (3x8.5) to the left for sensitive subpopulations; 25.5 to the right for resistant populations
	Incorporation of toxicodynamic factors (follicle cell count variation data) results in a larger adjustment for sensitive populations than the default assumption (25.5 vs. 10).

	UFa
	3
	3
	--

	UFs
	1
	1
	--

	UFl
	10
	1
	Because BMD methods were used and a lower point of departure is supported by the pooled data set, a value of 1 is considered appropriate for UFl.

	UFd
	3
	3
	--

	UFtotal
	1000
	Net adjustment for sensitive subpopulations = 255 (3x8.5x10)
	The total uncertainty factor has been reduced by approximately a factor of 4 based upon the inclusion of additional toxicity, mode of action, and toxicokinetic data.

	RfC
	0.0009 ppm
	0.2 ppm
	The RfC value of 0.2 ppm reflects sensitive subpopulations.  Values of 2 ppm and 20 ppm were derived for average and resistant populations, respectively.

	Confidence in Study
	High
	High
	--

	Confidence in Database
	High
	High
	--

	Confidence in Dosimetry
	--
	Medium
	Although EPA does not assign a confidence level to dosimetry, confidence in reliance on external concentration from mouse toxicity studies is presumed low.  Confidence in the use of pyr-Val as a dose surrogate is considered medium due to the reliance upon a conservative assumption that humans are equivalent to rats with respect to formation (Figure 3)

	Confidence in RfC
	Medium
	Medium-to-High
	


First, the combined data set used here includes additional dose-response data sets in mice (NTP, 1984; Bevan et al., 1996) and rats (Owen et al., 1987; Bevan et al., 1996) that were not used by USEPA.  Relying solely upon the mouse data alone (i.e., ignoring data for rats) is expected to result in a significant overestimation of risk in humans.  Second, data for an internal dose estimate (DEB in blood) that is believed to be the causative agent for ovarian toxicity in rodents was not quantifiable when USEPA conducted their assessment.  Relying upon unadjusted external concentration as the dose measure (i.e., ignoring species differences in the metabolic activation/detoxification of BD) is also expected to result in a significant overestimation of human risk (i.e., pyr-Val adduct efficiency in humans is more than two orders of magnitude lower than in mice; Figure 3).  Use of a pooled data set, which describes a broader range of observation than can be accomplished with a single study, permits the selection of a lower point of departure (BMCL01 vs. BMCL10).  Lastly, the effective adjustment used in this assessment for sensitive individuals of 255 (based on a net UF of 10 and a 25.5-fold shift from the dose-response curve for average sensitivity) is lower than the net UF of 1,000 used by USEPA in deriving an RfC for BD.
Despite the fact that the RfC values proposed here are considerably higher than derived by USEPA, a high degree of health protectiveness is maintained by the proposed values.  Several sources of conservatism can be found in the assessment.  For example, Kelsey-Wallace model tends to overestimate the inter-individual variation in follicle counts in the early years, as evidence by much tighter probability bounds when the model was restricted to ages 25 years and under (Wallace and Kelsey, 2010).  Therefore, the 2.5th and 97.5th percentile value adopted for the scenarios considered in this assessment may well fall beyond the respective 1st and 99th percentile values for early ages.  With respect to dose-response modeling, the MSW model consistently overestimates the incidence of ovarian atrophy in the low-dose portion of the range of observation, resulting in lower estimates for the POD than may be supported by the underlying data.  For the evaluation of potentially sensitive individuals, the dose-response curve was shifted to the left by a factor 25.5 (8.5×3), which reflects the product of two lower percentile values, likely resulting in a shifted curve that falls below the 1st percentile for the population.  In addition, this assessment adopts a lower value for the POD (BMCL01) than is typically used in benchmark dose analysis (BMCL10).  Lastly, due to limitations in available human data, a health-protective assumption was made for human dosimetry (i.e., rats and humans are equally sensitive on an external ppm basis) despite the fact that the limited human data suggest that humans may be less sensitive than rats by an order of magnitude or more (Figure 3).  
A number of sources of uncertainty and data needs are identified for this assessment.  
· Data Set/Endpoint – Although ovarian effects appear to be the most sensitive noncancer endpoint for noncancer risk assessment, the endpoint measured in existing long-term studies (ovarian atrophy) occurs relatively late in the keys steps defined for the MOA.  Understanding of response at an earlier stage of toxic response process (e.g., decrease in follicle count) and/or the quantitative relationship between atrophy and follicle counts, may help improve noncancer risk assessments based on this endpoint. 
· Dosimetry - Uncertainties in the dosimetry of the assessment stem from both calculation steps used to estimate internal doses of DEB.  Pyr-Val adduct burdens were estimated from a regression of published relationship for pyr-Val adduct efficiency (as a function of BD concentration in air) in mice and rats following 4 weeks of exposure (Georgieva et al., 2010), which was extrapolated across the range of observation for the combined data set.  In addition, uncertainty exists in the reaction rates and erythrocyte lifespans used to estimate DEB concentrations in blood.  Exposure to high concentrations of BD may shorten the lifespan of erythrocytes (Georgieva et al., 2010), and therefore the use of a constant lifespan value to estimate the concentration of DEB in blood may serve to underestimate internal dose estimates at high concentrations of BD in air.  Ideally, internal dose measures would be available for mice, rats, and humans at steady-state levels either from direct measurement following long-term exposures or predictions from a validated PBPK model.  Presently, the available human data are not considered adequate for inclusion in the quantitative assessment.

· Dose-Response Model – A significant source of uncertainty in the dose-response modeling stems from the fact that the version of MSW model released by USEPA does not permit the definition of a threshold term.  As discussed above, the MSW model used here tended to overestimate response at low doses, while underestimate response at high doses (Figure 5).  The underlying dose-response data appear consistent with the existence of a threshold (see list of NOAEL values above).  Incorporation of a threshold term into the MSW model may help improve the overall fit to the data, and subsequent POD values used to estimate human risk.
This assessment for BD represents a unique opportunity to address toxicodynamic factors in human health risk assessment.  This is possible for two reasons: (1) a key step in the MOA involves the depletion of target cell population (i.e., ovarian follicles) for which there is a set number available (i.e., no opportunity for compensatory repletion); and (2) data are available that describe human variation with respect to the number of target cells available.  The approach used here for BD is readily applicable to other chemicals that form diepoxides (e.g., VCH, isoprene) for which ovarian follicles are a target tissue.  In addition, there may be other target tissues with a defined cell number (e.g., neurons in the central nervous system) for which this approach may be adapted.
The recommendations identified by NAS (2009) include novel approaches for estimating the low-dose risk of noncancer effects in human populations.  Implementing these approaches in a manner that will provide meaningful estimates of low-dose risk to human populations, however, is complicated by a couple of factors.  For example, much of the toxicity collected to date for chemicals such as BD employ testing a relatively small number of dose groups up to the maximum tolerable dose (MTD), dose levels that in many cases exceed underlying saturable toxicokinetic and toxicodynamic processes in the test species.  Extrapolation of data from MTD-designed studies requires a careful consideration of the potential nonlinearities associated with the saturable processes, as well as an assessment of the relevance of such data to predicting low-dose risk.  In this meta-analysis for BD, we have recruited data from two studies in rats (Owen et al., 1987; Bevan et al., 1996), a species which is comparatively nonresponsive to the ovarian effects of BD primarily due to toxicokinetic differences (Figure 3), for two reasons:  (1) to improve our understanding of the shape of the low-dose region of the dose-response curve; and (2) to extend the range of observation for the combined data set to a dose level below any potential toxicokinetic or toxicodynamic saturation point, making the resulting POD a more appropriate basis for estimating low-dose risk.  
Dose-response data collected in the range of observation contain two fundamental components: (1) to the toxicologist, these data provide information on the nature of the chemical, and in this way the dose-response relationship for threshold-mediated response can be differentiated from that for low-dose linear or a hormetic response; and (2) to the biostatistician, these data provide information on the nature of the population under study, and in this way the variation in response across a genetically homogenous population (e.g., laboratory rodents) can be differentiated from the variation across a genetically diverse population (e.g., humans).  Care must be taken to ensure that both types of information are maintained in the dose-response assessment.  Unfortunately, the NAS (2009) guidelines, as written, largely favor emphasis on the latter information to an extent that the former is sacrificed.  For example, NAS (2009) cites a sample calculation of a risk-specific dose in which an ED50 is adopted for a POD, from which a lognormal distribution is used to extrapolate across many orders of magnitude to estimate a human risk-specific dose associated with a 1x10-5 risk level.  In this example, the toxicological component of data relevant to the nature of the dose-response curve at low doses for the chemical are discarded, and the shape of the dose-response curve becomes driven entirely by the nature of the population of interest.  In practice, this results in identical dose-response curves for chemicals exhibiting low-dose linear, threshold, or hormetic behaviors, provided their ED50 values are the same.  Assessment of potential thresholds under NAS (2009) recommendations is further complicated by the fact that the dose-response models released by USEPA (BMDS, MSW) explicitly exclude threshold terms.  In this assessment for BD, we have attempted to use data collected in the low-dose region of the range of observation for both rats and mice to support the existence of a threshold for BD ovarian toxicity.  Although we have calculated non-zero, low-dose risk estimates for BD in a manner that is consistent with NAS (2009) recommendations (Table 6), we restricted the application a lognormal assumption for human risk estimation to the range of extrapolation (i.e., below the BMC01) and not the range of observation (i.e., above the BMC01).  More importantly, given the difficulty in defending the assumptions invoked by the distributional approach (Crump et al., 2010), we have emphasized the more likely possibility supported by available low-dose data that the true low-dose risk of ovarian effects in human populations exposed to BD is zero.
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